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A B S T R A C T
To determine distributions, bioaccumulation, and trophic transfer of freshwater cyanobacterial toxins such as
microcystins (MCs), surface water, suspended solids, sediments, and coastal organisms were collected from seven
stations in inner and outer regions of the estuary dam in the Geum River Estuary in June and July 2017.
Concentrations of MC variants (MC-LR, -RR, and -YR) in the multimedia samples were analyzed using a HPLC-
MS/MS. Trophic position (TP) of organisms (fish, bivalve, gastropod, decapod, and polychaete) was determined
by nitrogen stable isotope analyses of both bulk tissues and amino acids. From July to August 2017, great
concentrations of MCs were detected in discharged freshwater ranging from 0.4 to 75 μg L−1. Considerable
amounts of MCs are delivered to the Geum River Estuary in summer season. MCs spread far away as dissolved
phases (18.7–49.5 ng L−1) in July when large amount of freshwater was discharged during the rainy season.
Concentrations of MCs in marine organisms varied among species, ranging from 40 to 870 ng g−1 dw.
Bioaccumulated MCs tend to decrease with increasing TP of organisms, suggesting that MCs are biodiluted
through the marine food web. Compound-specific isotope analysis (nitrogen of amino acids) provides more
reliable TPs compared with those by bulk isotope analysis in a closed estuary (such as the Geum River Estuary)
with large fluctuations in the isotope ratio of primary producers.
1. Introduction
Cyanobacterial blooms in freshwater lakes are mainly caused by
Microcystis, Anabaena, and Planktothrix, all of which produce micro-
cystins (MCs) and are hepatotoxic to aquatic organisms (Vaitomaa
et al., 2003). MCs have been reported in approximately 80 congeners
according to differences in two amino acids (Welker et al., 2006), with
the MC-LR, -RR, -YR and -LA variants occurring most frequently (De
Figueiredo et al., 2004). MCs decompose poorly in aquatic environ-
ments and have an acute toxic effects on living organisms (Ibelings and
Chorus, 2007) and a tendency to accumulate in freshwater organisms
(Kozlowsky-Suzuki et al., 2012), such as fish, shrimp (Jia et al., 2016),
daphnia (Sotton et al., 2014), gastropods (Lance et al., 2010), bivalves
(Kim et al., 2017), and aquatic plants (Jia et al., 2016).
When the cyanobacterial cell membrane is damaged, intracellular
toxins such as MCs could be released into the water column (Park et al.,
1998). MCs entering organisms through drinking water show toxic ef-
fects on the liver (Harada et al., 1988). In cases of acute toxicity, an
excess of phosphorylated protein damages keratin and plectin, causing
breakdown and apoptosis of the cytoskeleton (MacKintosh et al., 1990).
In addition, excess phosphorylated protein affects the cancer suppressor
gene p53 and acts as a cancer-promoting factor. In cases of chronic
toxicity, which can be caused by long-term exposure of MCs (Magalhães
et al., 2001), MCs affect intracellular mitochondria and induce reactive
oxygen species production and lipid peroxidation (Bouaïcha and
Maatouk, 2004). Toxic effects of cyanobacteria have been reported in
lakes and rivers around the world, including Lake Alexandrina in
Australia (Francis, 1878), Tabocas Reservoir in Brazil (Pouria et al.,
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1998), Monterey Bay in United States (Miller et al., 2010), and southern
Adriatic Sea in Italy (De Pace et al., 2014). Although MCs can even-
tually enter marine ecosystems, most studies of MC dynamics have fo-
cused on freshwater ecosystems (Takahashi et al., 2014; Umehara et al.,
2017). Thus, fate, multimedia distribution, and bioaccumulation of MCs
in estuarine and coastal ecosystems are not yet fully understood.
The Geum River in South Korea is approximately 412 km long and
drains an area of ~9800 km2. Approximately 6.4×109 ton of fresh-
water flows into the Yellow Sea every year through the estuary dam
(via water gate) of the Geum River. In the Geum River Estuary, an es-
tuary dam constructed in 1994, has a length of 1.84 km, a height of
16.6 m, and 20 gates 30m wide and 10m high (Jeong et al., 2014).
After construction of estuary dam, the Geum River Estuary acquired
characteristics of a partially mixed or well-mixed estuary (Lee et al.,
1999), and harmful algal blooms dominated by Microcystis began to
occur frequently in summer (Noh et al., 2014; Oh et al., 2007). The
number of phytoplankton cells ranged from 39.5 to
288.6× 103 cells mL−1, increasing dramatically from the middle
reaches of the river to downstream portions by more than seven times
(Lee and Boo, 2000), indicating algal blooms (Yeo, 2009). Thus, there is
a possibility that toxic substances from great densities of cyanobacteria
may have been introduced into the marine environments when they are
released through the estuaries during river water discharge, potentially
affecting the inhabitants of coastal environments, including tidal flats
(Miller et al., 2010; De Pace et al., 2014). MCs have been reported that
those were generally bioaccumulative in freshwater organisms. Several
studies have discussed on the concentrations of MCs in organisms to
figure out their fate in the prey-predator relations in a food web
(Ibelings and Chorus, 2007; Kozlowsky-Suzuki et al., 2012).
To evaluate biomagnification of toxic substances, the trophic posi-
tion (TP) of an organism should be determined. Previous study identi-
fied the TP of organisms using the nitrogen (N) stable isotope ratio of
bulk tissues of living organisms (Vander Zanden et al., 1999). A trophic
discrimination factor (TDF) with a δ15N value of 3.4 ± 1.1‰, pro-
posed by DeNiro and Epstein (1981), is frequently used to calculate the
TP. However, it has been reported that the TDF would vary depending
on the many factors such as species, diet quality, consumer's nutritional
status, size, age, dietary ontogeny, and difference in metabolism of
organism (Caut et al., 2009; Post, 2002). The δ15N of a primary pro-
ducers changes rapidly and irregularly, while consumers show a rela-
tively slow turnover rate (Chikaraishi et al., 2009). This diversity in
TDF and different isotopic turnover rate between diet and consumer
may increase the error range of a TP (Vizzini et al., 2002). In order to
overcome those problems, studies on TPs of marine organisms applying
compound-specific isotope analysis (CSIA) have been conducted to
understand marine ecosystem structure (Won et al., 2018). N stable
isotope analysis of amino acids (AAs) provides more accurate and de-
tailed information compared with bulk tissue analysis, as reported
previously (Chikaraishi et al., 2009).
The objectives of the present study were to: (i) investigate MCs
concentrations in discharged freshwater via an estuary dam; (ii) de-
termine the fate and environmental multimedia distributions of MCs in
an estuarine area; (iii) clarify the bioaccumulation characteristics of
MCs in various coastal organisms; and (iv) elucidate the trophic transfer
of MCs through a marine food chain.
2. Materials and methods
2.1. Sampling and sample preparation
The Geum River Estuary is a closed estuary where freshwater and
seawater are completely separated by the estuary dam (Fig. 1). The
discharge of freshwater is highly dependent on the amount of rainfall.
In Korea, the majority of the annual precipitation falls between late
June and the middle of September. Cyanobacterial bloom also occurs in
summer upon increased high temperature in water column.
Accordingly, the MCs originating from the freshwater lake could be
introduced to the estuarine and coastal areas through the discharged
freshwater during the summer. Thus, in order to determine the dis-
tributions and fate of MCs accurately, environmental multimedia sam-
ples were collected from inner and outer regions of the estuary dam in
the Geum River Estuary before heavy rainfall (June) and after fresh-
water discharge (July) in 2017.
Surface water, suspended solids (SS), sediments, and marine biolo-
gical samples were collected from seven stations (inner and outer re-
gions of the estuary dam) (Fig. 1). During the June survey period, it was
the lowest precipitation and there was little or no discharge of fresh-
water. On the other hand, there was the largest rainfall in July, leading
to the largest volumes of freshwater discharge through the estuary dam
(Fig. S1 of the Supplementary Materials (S)). Water quality parameters
such as salinity, temperature, and pH were measured using a Hydrolab
DS5X Multiparameter sonde (OTT Hydromet, Loveland, CO) in the
field. A total of 10 L of surface water (0–0.5 m depth) was collected
using a Van Dorn sampler. For analysis of particulate MCs, 0.5–1 L of
water samples was filtered using a pre-combusted (450 °C, 5 h) 47-mm
glass fiber filter (GF/F, Whatman, Maidstone, England) and im-
mediately frozen at –80 °C until analysis. MCs dissolved in water were
obtained from a filtrate (using GF/F) and immediately purified. Ap-
proximately 100 g of sediments was collected at 0–0.5 cm of depth
using a Van Veen grab sampler, placed in a glass jar, and frozen at
–20 °C until analysis.
In June, biological samples such as the bivalve Mactra veneriformis
(n=5, pooling), the fish Mugil cephalus (n=2) and Larimichthys sp.
(n=1), the gastropod Rapana venosa (n=2), the decapod Portunus
trituberculatus (n=1), and the polychaete Neanthes sp. (n=5, pooling)
were collected from the estuarine areas (Table S1). Fish, gastropod, and
crab were caught with a net, and bivalve and polychaete were collected
from surface sediments with a 1-mm sieve. To remove the gut contents,
the biota samples were depurated in seawater (filtered with GF/F) for
more than 6 h. Because MCs accumulate mainly in the liver of biota
samples, dissection were performed immediately where possible, and
the liver or midgut gland was isolated and frozen at –80 °C until ana-
lysis. Samples that could not be dissected were frozen as a whole body
at –80 °C and stored in a glass jar until analysis.
2.2. Extraction and cleanup for MCs analysis
The pretreatment methods used in the present study were modified
from Park et al. (1998), Xie et al. (2007), and Sedda et al. (2016), as
summarized in Fig. S2. Briefly, for the extraction of particulate MCs,
10mL of butanol:methanol:water (1:4:15, v/v/v) were added to a
conical tube with lyophilized filter samples and 100 ng of enkephalin
(Sigma-Aldrich, Saint Louis, MO) was added as a surrogate standard.
The samples were then stirred for 24 h and sonicated for 5min. Su-
pernatant was collected by centrifugation at 3000× g for 15min. The
supernatant obtained by repeating twice more was diluted two times
with distilled water. For the extraction of MCs in sediments (1–2 g) and
biota (100–200mg), the lyophilized and homogenized samples were
produced by the same process as the particle phase.
The extracts were injected into an Oasis HLB cartridge (500mg,
6 cc, Waters, Milford, MA) pre-conditioned with 10mL of methanol
(Merck, Darmstadt, Germany) followed by 10mL of deionized water
(Aquapuri 5 series, Young In Scientific, Korea). After the sample
loading, the cartridge was washed with 10mL of deionized water, fol-
lowed by 10mL of 20% methanol. The remaining solution in the car-
tridge was air-dried with a mortar pump for 30min and eluted with
10mL of methanol. The flow rate of the solution was controlled so as
not to exceed 10mLmin−1. The eluate was concentrated with an N2
purge at 40 °C and finally reconstructed with 1mL of methanol. Finally,
10 ng of monolinuron (Sigma-Aldrich) in 100 μL of methanol was added
as an internal standard (Fig. S2).
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2.3. LC-MS/MS analysis
The sample was analyzed using a 1290 infinity II series HPLC
(Agilent Technologies, Santa Clara, CA) combined with QTRAP 6500
series electrospray ionization tandem mass spectrometer (AB Sciex,
CA). A UPLC column (Poroshell 120 EC-C18 4.6×50mm, 2.7 μm,
Agilent Technologies) was used with an injection volume of 10 μL. The
mobile phase was (A) 0.1% formic acid in water and (B) 100% me-
thanol. The gradient condition was maintained at 30% for 1min and
then increased slowly to 100% for 6min, maintained for 1min, and
decreased to 30% for 2min. The flow rate of the mobile phase was
0.3 mLmin−1 (details in Table S2).
The ion mode was positive, ion spray voltage was 5.5 kV, source
temperature was 600 °C, curtain gas was nitrogen (N2) (35 psi), and the
ion source gas 1 and 2 was nitrogen (N2) (50 psi). As a result of multiple
reaction monitoring (MRM), Q1/Q3 pairs for quantification were MC-
LR [M+H]+ (Q1/Q3=m/z 995.4/103.1), MC-RR [M+2H]2+ (Q1/
Q3=m/z 519.9/135.2), MC-YR [M+H]+ (Q1/Q3=m/z 1045.4/
103.0), enkephalin [M+H]+ (Q1/Q3=m/z 556.2/120.1), and
monolinuron [M+H]+ (Q1/Q3=m/z 215.0/126.2) (optimized MS/
MS parameters in Table S3).
2.4. Quality assurance and quality control for MCs analysis
Calibration standards of 1, 10, 50, 100, 300, 500, and 1000 ng L−1
of three homologues of MCs were used (R2 > 0.997 for all MCs). The
three MC standards (MC-LR, MC-RR, and MC-YR) were purchased from
Alexis Biochemicals (Enzo Life Sciences, Lausanne, Switzerland). The
limit of detection (LOD) and limit of quantitation (LOQ) for three MCs
were calculated following the guidelines of the United States
Environmental Protection Agency (USEPA, 1979). LODs were calcu-
lated as: 3.143× SD (standard deviation, n= 7) for a one-sided 98%
confidence interval. LOQs were calculated as: 10× SD. Calibration
standards and instrumental blanks were analyzed every 10 injections of
samples to check for instrumental accuracy and repeatability. The LODs
and LOQs for MC-LR were 0.5 and 1.5 ng L−1, for MC-RR they were 1.8
and 5.8 ng L−1, and for MC-YR they were 0.9 and 2.9 ng L−1, respec-
tively (Table S4). To confirm analytical recovery, 500 ng of three MCs
were added to 500mL of deionized water and quantitated according to
an optimized analysis protocol. The analytical recovery of MC-LR, MC-
RR, and MC-YR was 87 ± 1%, 96 ± 3%, and 92 ± 11%, respectively
(Table S4).
2.5. Analyses of δ13C and δ15N in bulk tissue
The pre-treatments for inorganic carbon and lipids removal for bulk
carbon isotope analysis were performed using the methods by Lorrain
et al. (2003) and Logan et al. (2008) with slight modifications. In brief,
filter samples were acidified with HCl fume in a desiccator for 12 h and
placed with NaOH and silica gel to remove the residual HCl and
moisture for 12 h. Biota and sediment samples were homogenized and
placed in 10mL of 1M HCl for 12 h followed by neutralization with
distilled water. Additionally, biota samples were defatted using
chloroform/methanol (2:1, v/v). After sonicated for 15min, the su-
pernatant was collected by centrifugation at 2500× g for 10min and
removed at three times. Residual solvents in samples were oven dried
completely at 60 °C. For bulk nitrogen isotope analysis all samples were
used without any treatment of acidification and defat.
Samples for the C and N stable isotope analyses were measured with
an elemental analyzer (EA, Vario PYROcube, Elementar, Germany)
coupled with isotope ratio mass spectrometer (IRMS, Isoprime 100,
Isoprime, UK). The value of the stable isotope ratio was expressed as per
mil (‰), which is defined as the δ value of the isotope ratio difference
between the standard material and the sample.
= − ×δ(‰) (R /R 1) 1000sample standard (1)
where R represent the ratios of heavy isotopes to light isotopes (13C/12C
or 15N/14N), and Vienna Pee-Dee Belemnite (VPDB) and atmospheric
N2 were used as standards for carbon and nitrogen isotope ratios
(Rstandard), respectively. IAEA reference materials, such as CH-3 and N-1
were analyzed every 10 injections of samples as a running standard to
check the accuracy of δ13C and δ15N, respectively. Standard deviations
of CH-3 and N-1 were within ± 0.2‰ and ± 0.1‰, respectively, for
all analysis.
2.6. Analysis of δ15N in amino acids of organisms
Applying CSIA, we used an analytical protocol of AAs followed that
of Chikaraishi et al. (2007). Approximately 5mg of freeze-dried and
homogenized biota samples were hydrolyzed at 110 °C for 12 h with
12M HCl. After the hydrolysis, the samples were cooled at room tem-
perature, and impurities were removed using GHP nanosep
Fig. 1. Sampling sites along the Geum River Estuary in South Korea. Water, SS, sediments, and biological samples were collected from both inner and outer regions of
the estuary dam in June and July 2017.
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(hydrophilic polypropylene, 0.45 μm, Pall corp., Tokyo, Japan). Lipids
were separated and removed using n-hexane/dichloromethane (3:2, v/
v). The remaining HCl in the samples was removed with an N2 purge.
Isopropyl esterification and pivaloylation were used for derivatization
of AAs. The derivatization procedure was performed with thionyl
chloride/2-propanol (TC/iPr, 1:4, v/v) and subsequently pivaloyl
chloride/dichloromethane (PC/DCM, 1:4, v/v). The δ15N of AAs in the
samples were extracted with n-hexane/DCM (3:2, v/v) and then were
measured using a gas chromatograph (GC, Agilent HP6890N, Agilent
Technologies) coupled with an IRMS (Isoprime) (Table S5).
2.7. Estimations of trophic positions
TP based on the δ15N of bulk tissue was estimated using a con-
ventional equation as follows (Eq. (2)):
= − +TP [(δ N δ N )/TDF] λBulk 15 consumer 15 base (2)
where TDF was set to 3.4‰ which is established by DeNiro and Epstein
(1981), and λ represents the TP of the baseline organism. In this study,
we used δ15N values of particulate organic matter (POM) sampled at
each site and that of the bivalve M. veneriformis sampled in GR5 as
baseline organisms with λ=1 and λ=2, respectively.
TP was calculated using the δ15N of AAs as proposed by Chikaraishi
et al. (2009) (Eq. (3)).
= − − +βTP [(δ N δ N )/TDF] 1AAs 15 Glu 15 Phe (3)
Briefly, the δ15N of glutamic acid (δ15NGlu)provides trophic in-
formation because it largely increases (8.0‰) at a certain rate along the
trophic transfer. The δ15N of phenylalanine (δ15NPhe) provides source
information because it negligibly increases (0.4‰) along the trophic
transfer. The empirical difference (β) between δ15NGlu and δ15NPhe of
primary producers in aquatic ecosystems is 3.4‰, and the TDF between
δ15NGlu and δ15NPhe is 7.6‰.
3. Results and discussion
3.1. Concentrations of MCs in discharged freshwater via estuary dam
In July and August of 2017, the water samples of river discharge
were collected from the Geum River to measure MCs and water quality
parameters (temperature, salinity, pH, and chlorophyll a) (Table S6). In
summer 2017, the sum of MCs concentrations at the inner dam of the
Geum River Estuary varied from 0.4 to 75 μg L−1 (Fig. 2a). MC-LR
concentrations ranged from 0.2 to 40 μg L−1, which were greater than
the values for MC-RR and MC-YR. MC-LR concentrations are similar to
or greater than the World Health Organization (WHO) guideline for
drinking water of 1 μg L−1 (Poste and Ozersky, 2013). In particular, on
4 July, the concentrations of MCs were about 40 times greater than the
WHO guideline. The water temperature of the Geum River discharge
ranged from 25.9 to 31.2 °C, which was the most suitable temperature
range for cyanobacteria blooms (Bui et al., 2018), and the chlorophyll a
concentration was also great.
There is a strong correlation between MCs and chlorophyll a con-
centrations in discharged water samples (Fig. 2b). The MCs con-
centrations increase exponentially with increasing chlorophyll a con-
centrations. This suggests that cyanobacteria containing MCs dominate
phytoplankton communities in the Geum River during sampling periods
(Hollister and Kreakie, 2016; Noh et al., 2014). Duarte et al. (1992)
reported that when cyanobacteria account for approximately 90% of an
algal biomass community, the total algal biomass reached about
100mg L−1 in 165 lakes in the Florida. At the biomass, chlorophyll a
and MCs concentrations have also reportedly reached or exceeded
50 μg L−1 and 1 μg L−1, simultaneously (Bigham et al., 2009;
Bukaveckas et al., 2017; Yu et al., 2014). The MCs quota was calculated
as MCs content per unit chlorophyll a. The MCs quota ranged from 0.02
to 0.46 μg MCs μg chlorophyll a−1 in the summer season. In particular,
when the concentrations of MCs was 75 μg L−1 (in 4 July) and
29 μg L−1 (in 5 July), the MCs quota was 0.46 and 0.26 μg MCs μg
chlorophyll a−1, respectively. This value was similar to the 0.4 μg MCs
μg chlorophyll a−1 recorded when the concentrations of MCs were
20 μg L−1 (Bui et al., 2018; Ha et al., 2011).
Using the daily amount of discharge water, the standing stock of
MCs released into the estuary in July and August 2017 was calculated.
Approximately 4.4 ton of MCs were discharged into the Geum River
Estuary for two months. In Isahaya Bay, Japan, approximately 64.5 kg
of MCs were released a year through a sea dike in 2009 (Umehara et al.,
2012). The amount of MCs discharged through the estuary dam of the
Geum River Estuary seems to be relatively great, thus the impact of the
MCs on estuarine and coastal ecosystems is concerned.
3.2. Distributions of MCs in environmental multimedia samples
MCs concentrations in multimedia samples (water, SS, and sedi-
ments) collected from the inner and outer seven stations in the Geum
River Estuary in June and July 2017 were investigated (Fig. 3). During
the sampling periods, the concentrations of MCs in water samples
ranged from 0.5 to 154 ng L−1, SS samples ranged from<LOD to
1060 ng L−1, and sediment samples ranged from<LOD to 17.7 ng g−1
dw. These results indicate that the distribution trends in MCs are dif-
ferent between before and after rainfall season. In June, the relatively
great concentrations of MCs (water: 154–157 ng L−1; SS:
790–1060 ng L−1; sediments: 16.1–17.7 ng g−1 dw) at the two stations
of the inner dam (GR1 and GR2) decreased gradually from the outer
dam (GR3, water: 132 ng L−1; SS: 41.5 ng L−1; sediment: 2.2 ng g−1
Fig. 2. (a) Daily MCs concentrations (μg L−1), chlorophyll a concentrations (μg L−1) and (b) the relationship between MCs and chlorophyll a concentrations collected
from river discharge in the Geum River Estuary.
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dw) to the farthest station (GR7, water: 0.5 ng L−1; SS:< LOD; sedi-
ments:< LOD). The concentrations of MCs in sediments at the outer
dam were also detected in the range of< LOD to 2 ng g−1 dw (Fig. 3
and Table S7). In July, peak rainfall during the year, concentrations of
MCs in SS increased at the stations of the outer dam (GR3-GR5) com-
pared with those in June, although they were< LOD at GR6 and GR7.
The concentrations of MCs in water gradually decreased from GR3
(132 ng L−1) to GR7 (0.5 ng L−1) in June, while they increased
(18.7–49.5 ng L−1) at all stations except GR3 in July. This is because
the cyanobacteria that flowed out through the estuary dam for a few
days before sampling appears to persist for several days and the toxin
also remain for an extended period in the coastal environment (Ibelings
and Chorus, 2007).
The MCs can occur in sediments through several routes including
direct deposition of cyanobacterial cells in discharged freshwater and
redistributions of MCs through tide-induced sediment re-suspension
(Umehara et al., 2017). At greatest discharge in July, it was assumed
that cyanobacteria that have been cultivated due to lengthy drought
and temperature rise before the strong rainfall (see Fig. S1) flowed into
the coastal area following mass discharge after strong precipitation
(Fig. 3). Cyanobacteria that flowed out through the estuary dam with
mass discharge after heavy rainfalls have spread to the coastal area,
dissolved in water along the low-salinity layer (Table S8) (Umehara
et al., 2015). When cyanobacteria flow into the marine environment,
their cell membranes are partly destroyed by osmotic pressure de-
pending on salinity (Preece et al., 2017). The MCs in the cells are then
released into the water column and extracellular MCs can persist for
days to months (Lahti et al., 1997; Tonk et al., 2007; Zastepa et al.,
2017) because it is chemically and physically stable in the aquatic en-
vironments (Fetscher et al., 2015; Graham et al., 2012).
3.3. Species-specific bioaccumulation of MCs in coastal organisms
The sum of MCs concentrations of the organisms collected from the
Geum River Estuary varied from 40 to 868 ng g−1 dw. The greatest
concentrations of MCs were 868 ng g−1 dw (MC-LR: 420 ng g−1 dw;
MC-RR:< LOD; and MC-YR: 450 ng g−1 dw) in the M. veneriformis
(Table 1 and Fig. 4a). Concentrations of MC-RR are lower than those of
other congeners in all organisms. Ni et al. (2017) also showed a similar
result to our study. MC-LR concentrations were the highest and MC-RR
concentrations were the lowest in the bighead carp Aristichthys nobilis in
Hangzhou. MC-RR, which has two arginine amino acids, is relatively
Fig. 3. Distributions of MCs concentrations on environmental multimedia samples in the Geum River Estuary in (a) June and (b) July 2017.
Table 1
Concentrations of microcystins in biological samples and trophic positions in the Geum River Estuary.
Site Common name Scientific name Tissue MC-LR MC-RR MC-YR ∑MCs δ13CBulk (‰) δ15NBulk (‰) TPBulk_POM TPBulk_bivalve TPAAs
(μg g−1 dw)
GR 2 Striped mullet M. cephalus Liver 0.42 0.010 0.37 0.81 −25.8 12.1 0.4 2.4 2.2
Liver 0.38 - 0.25 0.63 −25.8 12.1 0.4 2.4 2.2
GR 5 Surf clam M. veneriformis Liver 0.40 - 0.50 0.87 −19.1 10.2 2.1 2.0 1.8
GR 7 Yellow croakers Larimichthys sp. Midgut gland 0.010 - 0.03 0.04 −17.5 13.4 2.1 2.9 3.3
Clam worm Neanthes sp. Midgut gland 0.020 - 0.09 0.11 −16.7 12.6 1.9 2.7 2.4
Blue crab P. trituberculatus Midgut gland 0.13 - 0.03 0.16 −16.9 13.3 2.1 2.9 2.6
Veined rapa whelk R. venosa Midgut gland 0.18 - 0.25 0.43 −15.5 12.4 1.9 2.6 2.2
Whole body 0.25 - 0.26 0.51 −15.5 12.4 1.9 2.6 2.2
-: below the detection limit.
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hydrophilic among variants, and hydrophilic MCs can be excreted more
easily than hydrophobic variants (Gupta et al., 2003). This difference
could cause changes in organotropism, toxicokinetics, and bioaccu-
mulation (Vesterkvist and Meriluoto, 2003). Therefore, in bioaccumu-
lation studies, it is difficult to represent the total MCs amount with only
the sum of MC-LR, MC-RR, and MC-YR in vivo because the composition
of MC congeners may vary in vivo depending on the organ (Ni et al.,
2017; Sotton et al., 2014).
The MCs concentrations in the organisms obtained from this study
are relatively lower than those previously reported in freshwater spe-
cies. However, they are similar or relatively greater than those from
brackish and marine environments (Table S9). Coastal organisms are
considerably influenced and contaminated by freshwater MCs in the
Geum River Estuary. In this study and previous studies, freshwater
organisms generally showed greater concentrations of MCs than did
seawater species. Exceptionally, Miller et al. (2010) reported that the
concentration of MCs in liver samples of sea otters who had consumed
MCs-contaminated mollusks ranged from 1360 to 348,000 ng g−1 dw in
Monterey Bay. This level is much greater than previously reported for
freshwater organisms (Table S9) and may be attributable to “super-
blooms” involving 2,900,000 μg L−1 of MCs in freshwater flowing into
coastal areas.
3.4. Determination for trophic positions of marine organisms
TPs of organisms were estimated to evaluate trophic transfer of MCs
originating from the Geum River moved through the coastal food web.
To obtain more accurate trophic information, we compared TP esti-
mated by δ15N of bulk tissue and that by δ15N of AAs for each organisms
(Table 1). The TP of organisms calculated with POM as a baseline
(TPBulk_POM) is inaccurate compare to those of δ15N of bulk in bivalve
(TPBulk_bivalve) and δ15N of AAs (TPAAs). For instance, the TPBulk_POM of
the M. cephalus sampled in GR2 was 0.4 that is even lower than typical
TP of primary producer. A main diet for M. cephalus is known as POM
(de Oliveira et al., 2014), which mainly consists with primary producer
(i.e., phytoplankton). Thus, the TPBulk_bivalve and TPAA of this species
(2.4 and 2.2, respectively) seem to be more reliable than TPBulk. The
δ15N of the primary producers changes rapidly and irregularly, while
consumers show a relatively slow turnover rate (Chikaraishi et al.,
2009). Because the freshwater from the Geum River has been occa-
sionally discharged through the estuary dam, contributions of fresh-
water primary producer for POM in the estuarine area varied tempo-
rally and spatially. Our finding on the great ranges of δ15NPOM values in
the Geum River Estuary (7.4–14.6‰, Fig. S3) and the extremely small
TPBulk_POM of the M. cephalus is well explained by this issue.
The δ15N value of M. veneriformis sampled in GR5 was used as a
represent baseline for TPBulk_bivalve estimation, for the organisms sam-
pled in GR7 due to the lack of representative primary consumer (typical
TP=2). However, based on the difference in δ15N value of POM be-
tween GR5 (7.4‰) and GR7 (9.5‰), the δ15N baseline (λ=2) in the
GR7 may not be identical with that in the GR5. Thus, the differences
between TPBulk_bivalve and TPAA for the consumers sampled in GR7 can
be caused by the uncertainty of δ15N value of baseline in the GR7
(Table 1). Our results clearly demonstrate that potential error of TP
estimations can be attributed from the determination of baseline in the
TPBulk estimation. A more accurate TP can be calculated using an AAs
analysis that does not need the considerations of the difference in iso-
tope value between diet and consumer (Chikaraishi et al., 2009; Won
et al., 2018). Thus, we suggest again that TP estimates using δ15N of
AAs provides more reliable results compared to those of using bulk δ15N
values, particularly in where dynamic change of environmental condi-
tions is occurring such as estuaries.
3.5. Trophic transfer of MCs through the marine food chain
To investigate food web structure and the main food source of living
organisms, the δ13C and δ15N of POM, sedimentary organic matter
(SOM), and biota were analyzed at stations GR2, GR5, and GR7 in June
2017. Based on the differences in δ13C and δ15N, the food sources were
separated into freshwater and marine origins (Fig. S3). At station GR2,
POM and SOM were considered to be food sources of freshwater origin
with relatively low δ13C values, while those from GR5 and GR7 showed
relatively high δ13C. At station GR5, M. veneriformis, which is a primary
consumer, has higher δ13C (−19.1‰) than those of POM
(−23.2 ± 0.5‰) indicating that they feed mainly on precipitating
POM on surface sediments at their living site (Navarro et al., 2009).
Meanwhile, M. cephalus, a primary consumer, has the lowest δ13C
among those of organisms at GR2, GR5, and GR7. M. cephalus is known
to be strongly salinity tolerant and moves in a wide radius in the
brackish zone (Yoon et al., 2015). The main food sources of M. cephalus
appear to be POM of both freshwater and marine origins, with rela-
tively low δ13C at the inner dam and high δ13C at the outer dam (de
Oliveira et al., 2014). The others species, deposit feeders or predators
(R. venosa, P. trituberculatus, Neanthes sp., and Larimichthys sp.), have
relatively high δ13C values, reflecting the carbon isotopes of SOM at
their living sites.
The TPAAs of organisms varied from 1.8 to 3.3. M. veneriformis
(TPAAs= 1.8) and M. cephalus (TPAAs= 2.2), which are herbivores,
showed relatively great concentrations of MCs (Table 1 and Fig. 4b).
Larimichthys sp., with a TPAAs of 3.3, showed the lowest concentrations
of MCs among the collected organisms. R. Venosa (TPAAs= 2.2),
Neanthes sp. (TPAAs= 2.4), and P. trituberculatus (TPAAs= 2.6), which
are omnivores and likely feed predominantly on organic matter de-
posited in surface sediments, showed MC concentrations between those
of herbivores and carnivores. Benthic organisms including deposit
feeders, are also exposed to precipitated toxic algae (Trainer et al.,
1998) as well as bivalves that directly feed on toxic algae (FAO, 2004).
Concentrations of MCs show a tendency for a negative relationship with
TPAAs (Fig. 5). Cyanobacteria appears to directly affect herbivorous
organisms due to widespread blooming from the river to the coastal
Fig. 4. (a) MCs concentrations (ng g−1 dw) and (b) TPAAs of organisms in the Geum River Estuary.
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estuarine area through the dam in summer. MCs, which are widely
distributed in coastal ecosystems, likely precipitate on surface sedi-
ments and influence omnivorous organisms that mainly feed on benthic
food sources. MC concentrations in the Larimichthys sp., with a TPAAs
higher than 3, are relatively low compared with levels in other organ-
isms.
These results suggest that MCs in organisms do not biomagnify
through the food chain of coastal ecosystem (Fig. 5). In addition, this
tendency is more pronounced in TPAAs than those of using TPBulk_POM
and TPBulk_bivalve (Fig. 5). This result could be explained by a biodilution
effect through food web (Ibelings and Chorus, 2007; Kozlowsky-Suzuki
et al., 2012) and/or metabolism processes such as biodegradation and
biotransformation of MCs in the higher TP organisms (Poste and
Ozersky, 2013). In addition, MCs concentrations can vary depending on
the feeding behavior of organisms. This is because filter feeders and
deposit feeders, which directly feed on suspended particles (including
cyanobacteria), show greater MCs concentrations than those in carni-
vorous fish, which only feed on MCs indirectly (Bukaveckas et al.,
2017). Overall, even though MCs do not biomagnify in predators who
do not feed directly on cyanobacteria, they can be transferred to pre-
dators through feeding routes in coastal food webs (Sotton et al., 2014).
4. Conclusions
In this study, we investigated the fate of MCs produced by fresh-
water cyanobacteria and the ecological impacts of introducing them
into a coastal ecosystem through an estuary. Several key findings on the
fate of MCs in a coastal environment and bioaccumulation character-
istics were obtained as summarized below:
• Great concentrations of MCs are detected in discharged freshwater
via an estuary dam.
• When MCs enter the coastal ecosystem, they largely dissolve in
surface seawater.
• Relatively great concentrations of MCs are found in herbivorous
organisms.
• MC-LR is the most abundant among three MC variants in coastal
organisms.
• MCs in coastal organisms do not biomagnify along the food chain in
coastal ecosystem.
This study provides valuable information to understand the beha-
vior, distribution, and biological effects of the cyanobacterial toxin
(MCs) in coastal environments. In particular, CSIA can be a powerful
tool to characterize the bioaccumulation properties and food web
transfer potential of MCs. However, the mechanism of MCs biode-
gradation in living organisms has remained unclear, and future study
should identify the detoxification mechanism to clarify the adverse
effects of MCs on marine organisms.
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